AbstrAct: Scientists and managers worldwide have increasingly advocated the use of marine protected areas (MPAs) to protect at-risk fish stocks.
IntroductIon
Marine protected areas (MPAs) have been receiving increased attention worldwide as a tool for effectively managing a variety of fishery resources. Numerous studies have demonstrated that exploited stocks generally exhibit increased abundance and an expanded size structure following the establishment of MPAs (Dugan and Davis 1993 , Johnson et al. 1999 , Nemeth 2005 , Kramer and Heck 2007 , Claudet et al. 2011 , even though these benefits are not universal (Lipej et al. 2003) . Recent MPA planning has targeted areas in which reef fish spawning aggregations occur, but limited field and modeling studies have indicated that this approach may not increase exploitable biomass (Gruss et al. 2014) . Overexploited stocks typically receive the greatest benefit from MPAs, but other stocks can also benefit (Côté et al. 2001 , Apostolaki et al. 2002 . The density of commercially important fishes has also been found to increase with the size of no-take MPAs, so small MPAs may not be as effective for some species (Claudet et al. 2008) . Although MPA effectiveness is likely influenced by several interrelated factors (Lester et al. 2009 , Claudet et al. 2010 , recent planning has involved creating networks of MPA nodes over large areas (Sundblad et al. 2011 , Saarman et al. 2012 ) so recruitment in one node can sustain local populations while supplying larvae to other nodes and nonreserve areas that experience poor recruitment (Berumen et al. 2012 , Sponaugle et al. 2012 ).
Many MPAs also protect habitats and fisheries from destructive activities like bottom trawling, dynamite fishing, and dredging (Tittensor et al. 2007, Lester and Halpern 2008) , so their establishment fosters an ecosystem approach to fisheries management that serves to stabilize at-risk stocks and helps preserve biodiversity and habitat. Furthermore, MPAs may serve as insurance against the uncertainty and unpredictability inherent in traditional fishery management (Ballantine 1997 , Lauck et al. 1998 . For developing nations that cannot afford to collect the data required for traditional stock assessments, MPAs are especially attractive if enforcement is possible. Challenges in the governance of MPAs can arise if management does not take into account the expectation of stakeholders and encourage their involvement and if consistent site-specific monitoring and enforcement does not take place (Christie and White 2007, Álvarez-Fernández et al. 2017) . Many MPAs established in recent decades have focused on protecting coral reef habitats, and include a disproportionately small area of seagrass habitats (Geoghegan et al. 2001 , Prado et al. 2008 , Nagelkerken et al. 2012 ) even though seagrass loss worldwide is comparable to that in mangrove and reef habitats (Waycott et al. 2009 ). Seagrass habitats provide important ecosystem services, such as nutrient cycling, serve as refuge and feeding habitat for various species of fish, birds, invertebrates, and marine mammals, and often function as nursery habitat for juvenile reef fishes (Nagelkerken and van der Velde 2004 , Bartels and Ferguson 2006 , Verweij et al. 2006 , Faunce and Serafy 2007 , Waycott et al. 2009 ). Interactions among seagrass, mangrove, and coral reef habitats in providing ontogenetic connectivity for many reef fish species is well established (Heck and Weinstein 1989 , Nagelkerken et al. 2000a , Cocheret de la Morinière et al. 2002 , Jones et al. 2010 . Proximity to associated nursery habitat (i.e., seagrasses or mangroves) is often more important than protection from fishing in determining areas with enhanced reef fish populations (Nagelkerken et al. 2012) , and the size of seagrass meadow influences the effectiveness of protected areas for various herbivores (Prado et al. 2008) . Because MPAs are often created based on opportunity rather than ecology, ecological representation and connectivity between habitats should be periodically assessed through systematic sampling (Sundblad et al. 2011 , Saarman et al. 2012 . The importance of seagrasses and other nursery habitats as a component of MPAs, therefore, should be considered and investigated as a benchmark for success.
The ecosystems of Dry Tortugas National Park (DTNP) are unique in the variety and complexity of available habitat, including extensive seagrass beds and a diverse range of coral reef habitats (Franklin et al. 2003 , Ault et al. 2006 . Commercial fishing, recreational spearfishing, and lobstering have been restricted since the 1960s, but recreational hookline angling is still allowed in the eastern portion (Ault et al. 2013) . The remoteness of the DTNP (>110 km west of Key West, FL) may alleviate some of the reduction in the quality and quantity of benthic habitat under anthropogenic stressors (e.g., water quality, boating, anchoring, diving) seen in the greater Florida Keys region (Palandro et al. 2008) . However, many reef fishes in DTNP and the greater Florida Keys region are overfished (Ault et al. 1998 (Ault et al. , 2002 (Ault et al. , 2005 . To mitigate the effects of fishing and habitat loss, a MPA (119.14 km 2 ) called the Research Natural Area (RNA) was established in January 2007 as a no-take marine reserve where fishing and other possibly destructive activities are restricted or were eliminated (Ziegler and Hunt 2012) . Together with 2 other no-take marine reserves established in 2001, the RNA brings the total protected area in the DTNP to 672.35 km 2 (Rogers et al. 2007) . While all 3 areas protect a large quantity of coral reef habitat, the RNA was the first protected area in the DTNP to directly protect seagrass habitat. Exploited fishes generally respond to the establishment of an MPA through increasing abundance and expanding size structure (Russ and Alcala 1996 , Roberts et al. 2001 , Bohnsack 2002 ), but for unexploited species the effects of MPAs are less predictable (Claudet et al. 2010 , Ault et al. 2013 . Numerous resident and transient fishes use seagrasses as habitat at some point in their life history and are expected to respond positively when the quality and quantity of seagrass habitat improves in an MPA (Lindholm et al. 2001 , Rodwell et al. 2003 . These ecosystem-level changes highlight the importance of considering exploited and unexploited species and habitat types when assessing the effectiveness of no-take marine reserves, especially in terms of ecosystem function. In association with the establishment of the RNA in 2007, the National Park Service (NPS) and the Florida Fish and Wildlife Conservation Commission (FWC) developed a research and monitoring program using several methods (i.e., visual surveys, creel surveys, acoustic telemetry, fish traps, and hook and line) to evaluate the effectiveness of the RNA in protecting reef fishes and associated habitats (SFNRC and FWC 2007, Ziegler and Hunt 2012) . In this study, small Antillean Z-traps (Sheaves 1992 (Sheaves , 1995 were deployed over seagrass and reef habitats to target and assess small-bodied fish assemblages within DTNP. Accordingly, fish community structure in seagrass and reef habitats was compared between the DTNP RNA and adjacent open-use areas and provides baseline data for future analyses.
MAterIAls And Methods
Study Area A stratified-random sampling survey was conducted in fall (September) 2009, spring (May) 2010, and fall (September) 2010 and was restricted to the southern half of DTNP (south of 24°40.5′ N; Figure 1 ) to maximize comparability between our results and other studies within DTNP (Ziegler and Hunt 2012). Sampling stations over seagrass and reef habitat were randomly selected and equally partitioned between 2 spatial strata, the DTNP RNA and adjacent openuse areas (Figure 1 ).
Field Methods
Antillean Z-traps (Sheaves 1992 (Sheaves , 1995 were used to collect fishes from seagrass and reef habitats and were constructed of 12.8 mm coated-wire mesh and measured 0.6 × 0.7 × 1.1 m (H × W × L) with a throat opening of 200 × 55 mm (H × W). Paired traps spaced 25 m apart and baited with cut Atlantic mackerel (Scomber scombrus) were deployed at each station and fished for at least 90 min. Sampling occurred during daytime hours only, beginning about 1h after sunrise and ending 1h before sunset. At each sampling station, habitat type (reef or seagrass) was verified by a surface snorkel dive or a tethered digital drop camera. Water depth (m) was recorded, and water quality parameters including temperature (°C), salinity, and dissolved oxygen (mg/l) were profiled (measurements taken 0.2 m from the surface, at mid-depth, and at 0.2 m from the bottom) with a YSI water-quality datasonde.
Once the gear had been deployed and fished for at least 90 min, each Z-trap was brought to the surface, where its contents were emptied into an aerated live well. Specimens were identified to the lowest practical taxonomic level and up to 40 individuals per species were measured to the nearest mm standard length (SL). Most specimens were then released, but when satisfactory field identification was not possible, they were retained for identification in the laboratory.
Analytical Methods
Seagrass habitats were sampled at water depths of 1.7-10.1 m, whereas reef habitats were sampled at water depths from 2.0-24.0 m. To facilitate comparisons between habitat types and to account for the depths where seagrass beds are common, all reef sites sampled at depths of >11 m were excluded from analyses. Thus, the number of samples analyzed differed among the 3 sampling seasons.
Statistical analyses were conducted to compare fish assemblages among sampling events by habitat (seagrass vs. reef) within the RNA and open-use areas. For abundant species with a wide size range in the dataset (i.e., Epinephelus morio (Red Grouper), Haemulon plumierii (White Grunt), and Ocyurus chrysurus (Yellowtail Snapper)), we defined pseudospecies based on appropriate size classes by either length frequencies or changes in diet from the literature (Nagelkerken et al. 2000b , Verweij et al. 2008 ) to separate life history stages and examine potential ontogenetic differences in assemblage structure. We summarized overall catch-per-unit-effort (CPUE; individuals per soak-hour) and the total number of species and individuals collected during each sampling event within each habitat and area.
Differences in fish assemblage structure among sampling events and between habitats in the RNA and adjacent openuse areas were explored using PRIMER software with the PERMANOVA add on (Clarke and Warwick 2001 , Clarke and Gorley 2006 , Anderson et al. 2008 . Abundance data were calculated as the sum of individuals collected at a station across the paired trap deployments to more accurately represent the community and were square-root transformed to reduce the influence of numerically-dominant species ( Key (i.e., central island) 
and to the east and south, while the Research Natural Area (RNA) is situated to the north and west. Shading indicates extent of seagrass per a 2004 aerial survey (Yarbro 2013). Symbols indicate habitat type (triangles represent reef, circles represent seagrass).
dissimilarity resemblance matrix (Bray and Curtis 1957) was calculated on the transformed abundance data and a distance-based linear model (DISTLM, Anderson et al. 2008) was used to determine the multivariate relationship between the species resemblance matrix and a combination of associated continuous variables (water depth, temperature, salinity, dissolved oxygen, and soak time); significant variables were added into the subsequent PERMANOVA analyses. To visualize the patterns in assemblage structure, an ordination was constructed using non-metric multidimensional scaling (nMDS) calculated on the area by habitat by sampling event centroids. Contributions to similarity patterns of the fish assemblages were represented by correlation vectors (> 0.2) on the nMDS plot. Groupings between samples were also determined based on a 60% similarity level calculated using hierarchical clustering (CLUSTER, Clarke and Warwick 2001) . The statistical significance and relative importance of area (a fixed factor with 2 levels: RNA and Open), habitat (a fixed factor with 2 levels: seagrass and reef), and sampling event (a fixed factor with 3 levels: Fall 2009, Spring 2010, and Fall 2010) were investigated using permutational multivariate analysis of variance (PERMANOVA, Anderson et al. 2008) on the full set of data at the replicate level. Analyses included all interaction terms, significant covariates from the DISTLM analyses, and were conducted using type III sums of squares; p-values were obtained using 9,999 permutations under a reduced model. Abundances (based on square root transformed abundance data) were then averaged to identify taxa contributing to observed area, habitat, and sampling event-associated differences in assemblage structure. Similarity percentages (SIMPER) analyses were conducted on significant factors to determine the species that contributed up to 90% of community structure differences.
Size composition was summarized with length-frequency histograms for 4 commonly collected or economically important species (E. morio, H. plumierii, Halichoeres bivittatus (Slippery Dick), and O. chrysurus). Length distributions were compared between habitats by area using Kolmogorov-Smirnov (KSa) tests (SAS Institute, Inc. 2006).
results
Sampling was conducted during fall 2009 (37 stations sampled), spring 2010 (41 stations sampled), and fall 2010 (51 stations sampled), and spatial distribution of sampling effort was consistent across all 3 sampling seasons ( Figure  1 , Table 1 ). The mean soak time per trap set was above the target soak time, and the standard error was minimal (120.7 ± 2.9 minutes). A total of 3,163 individuals of 38 species were collected from 129 paired Z-trap stations, over half of which were collected in fall 2009 (n = 1,710; Figure 2 , Table  1 ). Eleven species were found only in reef habitats, and 13 species were found only in seagrass habitats, whereas 14 species were found exclusively in the RNA, and 6 species were found only in the open-use area (Table 1) . Ocyurus chrysurus (combined size classes) was the most numerically abundant species collected (n = 1,298), followed by H. bivittatus (n = 751), and Haemulon aurolineatum (Tomtate; n = 439); the latter species was only collected in reef habitats (Table 1) . The mean size of fish collected with Z-traps was relatively small, and varied slightly between areas and habitats (Open, reef: 91.6 mm SL; Open, seagrass: 106.8 mm SL; RNA, reef: 127.1 mm SL; RNA, seagrass: 117.5 mm SL), however, these values are highly influenced by the numerically abundant species mentioned above. Sizes of fishes collected ranged from 18 mm SL (Chaetodon ocellatus, Spotfin Butterflyfish) to 652 mm SL (Sphyraena barracuda, Great Barracuda).
The DISTLM analyses determined the multivariate relationship between fish assemblages and water depth was the most significant (Pseudo-F = 5.3542, p = 0.0001, AIC 1014.8) and explained 4.07% of the variability in the resemblance matrix. Water depth was therefore incorporated into the PERMANOVA analysis described below.
Nekton community structure differed between habitats and sampling events but did not differ between the RNA and open-use areas (Table 2, Figure 3) . Results from PER-MANOVA analyses identified a significant 2-way interaction between area and habitat, but the 3-way interaction with sampling event was not significant and was pooled Nelson et al. 2016) and then alphabetically by species. n = number of stations. Figures 3 and 4, SIMPER analyses) . In addition, 5 species were only collected during this sampling event (Cephalopholis cruentata (Graysby), Stegastes planifrons (Threespot Damselfish), Stegastes adustus (Dusky Damselfish), Haemulon flavolineatum (French Grunt), and Haemulon chrysargyreum (Smallmouth Grunt)).
Muraenidae

Gymnothorax moringa
Differences in assemblage structure between habitat types were driven primarily by greater abundances in seagrass habitats of S. radians (2.6% contribution as calculated through SIMPER analyses), H. bivittatus (11.4%), large O. chrysurus (11.8%), and small E. morio (1.9%), and by greater abundances over reef habitats of Stegastes variabilis (Cocoa Damselfish, 10.4%), small O. chrysurus (11.0%), and large H. plumierii (9.0%; Figures 3 and 5) . Haemulon aurolineatum (9.6%) was one of the most abundant species and was collected only over reef habitat, while comparable numbers of juvenile H. plumierii (4.5%) were found across reef (n = 127) and seagrass (n = 119) habitats (Figures 3 and 5, Table 1 ). Although not major contributors to differences in community structure, economically important C. cruentata (n = 4, ranging from 189 to 224 mm SL), Lutjanus synagris (Lane Snapper, n = 3, ranging from 63 to 193 mm SL), and juvenile Mycteroperca bonaci (Black Grouper; n = 4, ranging from 87 to 153 mm SL) were collected in only seagrass habitats ( Figure 5 , Table 1 ).
Nekton community structure did not differ between the RNA and open-use areas due to similar abundances of dominant species. Species that were found exclusively in one area or another were those in very low abundance; in only 2 instances were more than 5 individuals of a certain species more abundant in either area (Scarus iseri, Striped Parrotfish and Haemulon melanurum, Cottonwick) and were only encountered in the open-use area ( Figure 6 , Table 1 ). Size structure for the 4 species selected for length frequency analysis (E. morio, H. bivittatus, H. plumierii, and O. chrysurus) differed by area and habitat combinations (Figure 7) . Size structure of E. 
dIscussIon
This study represents an important contribution to understanding the use of seagrasses by reef-associated species in DTNP, and demonstrates that these potential nursery habitats should be considered within notake marine reserves to enhance connectivity between juvenile and adult reef fish habitats (Nagelkerken et al. 2012) . Epinephelus morio and H. plumierii exhibited clear evidence of seagrass habitat use at smaller sizes, suggesting its potential use as a nursery, while H. bivittatum was more abundant over seagrass habitat, suggesting its utility as a refuge for small resident species. Although the greater Dry Tortugas benthic environment has been studied extensively (Franklin et al. 2003 ) and a long-running, reef fish visual census has provided valuable data for reefassociated species (Ault et al. 2002 (Ault et al. , 2006 , monitoring data on seagrass-associated species and highly cryptic smallerbodied fishes are generally lacking. Large-mesh Antillean fish traps have limitations such as increased catchability of mobile species and a positive correlation with low habitat complexity (Robichaud et al. 2000) , however, the use of small-mesh Z-traps with short soak times have been associated with higher catch rates (Sheaves 1995) . In this study, small-mesh Z-traps allowed for nondestructive and highly targeted sampling of reef and seagrass habitats in open-use and protected areas in the DTNP and provided data on a broad size range of economically and ecologically important fishes, some of which, such as the different species of Stegastes and juvenile Haemulon, would be difficult to discern in a visual survey. Therefore, this study complements other ongoing research (Ziegler and Hunt 2012) into the nursery function and conservation efficacy of habitats in DTNP.
Overall, fish community composition did not differ strongly between the RNA and adjacent open-use areas. Upon initial examination, it might seem surprising that no short-term (~3 years; RNA established in 2007) differences in fish community structure were evident in either reef or seagrass habitats. After all, the RNA offers direct protection to seagrasses, which are known to directly support numerous small resident fishes and indirectly sustains the productivity and ontogeny of transient fishes (such as exploited reef fishes) through habitat connectivity (i.e., foraging and nursery areas; Unsworth and Cullen 2010) . One might expect the fish community to respond positively through increased abundance and diversity as the quality and quantity of seagrass habitat improves (Lindholm et al. 2001 , Rodwell et al. 2003 , although these benefits may be partly offset through increased predation from reef-associated species that generally receive the greatest protection from no-take marine reserves and are known to forage in adjacent seagrass meadows at night (Robblee and Zieman 1984 , Babcock et al. 1999 , Shears and Babcock 2003 . Visual surveys conducted on reef habitat during the same time period documented increases in density and abundance for exploited sizes of several reef fish species (M. bonaci, Lutjanus analis (Mutton Snapper), O. chrysurus, and Lachnolaimus maximus (Hogfish)), but not in nontarget fish species (Ault et al. 2013) . For exploited reef fishes, protection is generally thought to lead to increasing reproductive capacity that, presumably, would first be detected through enhanced juvenile recruitment; no such enhanced recruitment was evident from targeted sampling of smaller size classes with Z-traps. It is possible that too little time has passed since the RNA was established or that our study was too short in duration for increases in the abundance of exploited or unexploited species to be evident. In addition, the overall recovery of fish communities in notake marine reserves can be slow (Russ et al. 2004) , especially in species such as those in the grouper-snapper complex that mature later and have a high probability of discard mortality for undersized individuals (Coleman et al. 1996 (Coleman et al. , 1999 . Studies have also shown that small reef fish were relatively greater in biomass when nursery habitats were nearby than when only a fishing closure was in effect (Nagelkerken et al. 2012) , so fish community composition may be inherently more affected by habitat use than by protection status especially in remote areas like the DTNP. In addition, area closures related to fishing and other recreational activities may not have discernible direct benefits to nontarget species, even exhibiting decreases in abundance in Table 1 . The percent contribution of species that contributed up to 90% to the differences between habitats through SIMPER analysis is in parentheses. some cases (Claudet et al. 2010) . Regardless, these data represent an important baseline to compare changes within the RNA to less protected areas within the DTNP.
As expected, fish community structure differed significantly between seagrass and reef habitats. Although reef habitats in the DTNP are important centers for spawning of many exploited species (Ault et al. 2002 , Rogers et al. 2007 , little research has been done on the function of DTNP seagrass habitats, even though they serve as valuable nursery habitat in other coral reef systems (Nagelkerken et al. 2001 (Nagelkerken et al. , 2002 , Nagelkerken and van der Velde 2004, Unsworth et al. 2008) . It is well known that many reef fish juveniles settle into seagrass beds before moving into nearby reef habitats as adults (Chittaro et al. 2005 , Casey et al. 2007 , Nagelkerken et al. 2012 , Flaherty-Walia et al. 2015 , and this study documented smaller sizes of E. morio and H. plumierii in seagrass habitats than in reef habitats. Additional research is needed to confirm this result for E. morio due to small sample size (n = 8, ≤ 200 mm SL), however. The opposite trend is true for O. chrysurus, and although not significantly contributing to community structure differences, juveniles of the economically-important M. bonaci were exclusively collected in seagrass habitats, suggesting further research and additional sampling would be beneficial to delineate trends for some species. Habitat segregation among species or life stages of coral reef fishes along a seagrass-coral reef gradient can be affected by competition, feeding ecology, ontogenetic shifts, or the spatial arrangement of the habitats (Dorenbosch et al. 2005 (Dorenbosch et al. , 2007 , so any of these factors could help explain the differences in community structure. The spatial characteristics of MPAs, environmental perturbations, and the level of enforcement of no-take areas can also influence how effective MPAs are at protecting the multiple habitats used during ontogeny (McNeill 1994 , Rogers and Beets 2001 , Christie and White 2007 , Ortiz and Tissot 2012 . This study represents an initial examination of the community structure of juvenile and small-bodied fishes within seagrass and reef habitats receiving different levels of protection in the DTNP.
Although differences in fish community structure were most pronounced between habitat types, differences were also evident among sampling events. Observed patterns were not seasonally consistent; rather, fall 2009 differed from both spring 2010 and fall 2010, and most differences occurred in open-use areas with reef habitat. Without a long-term data set using Z-traps, it is difficult to say if the greater abundances of H. bivittatum, H. aurolineatum, and the smaller size classes of O. chrysurus and H. plumierii during fall 2009 were unusual. Differences in fish community structure between fall 2009 and spring 2010 could have been related to an extreme cold event during the winter of 2010 that caused massive mortality of patch reefs in the Florida Keys and subtropical fish species in various regions of Florida (Colella et al. 2012 , Stevens et al. 2016 ). An additional possibility is that 2009 was an exceptionally good recruitment year, especially for the summer-spawning O. 
